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Abstract

Various hydrogeochemical processes can modify the quality of river water during riverbank
filtration (RBF). Identifying the subsurface processes responsible for the bank-filtered water
quality is challenging, but essential for predicting water quality changes and determining the
necessity of post-treatment. However, no systematic approach for this has been proposed yet.
In this study, the subsurface hydrogeochemical processes that caused the high concentrations
of total iron (Fe) and sulfate (SO4%) in the bank-filtered water were investigated at a pilot-scale
RBF site in South Korea. For this purpose, water quality variations were monitored in both the
extraction well and the adjacent river over five months. The volumetric mixing ratio between
the river water and the native groundwater in the RBF well was calculated to understand the
effect of mixing on the quality of water from the well, and to assess the potential contribution
of subsurface reactions to water quality changes. To identify the subsurface processes
responsible for the evolution of Fe and SO4> during RBF, an inverse modeling based on the
chemical mass balance was conducted using the water quality data and the calculated
volumetric mixing ratio. The modeling results suggest that pyrite oxidation by abundant O>
present in an unsaturated zone could be a primary process explaining the evolution of total Fe
and SO4> during RBF at the study site. The presence of pyrite in the aquifer was indirectly

supported by iron sulfate hydroxide (Fe(SO4)(OH)) detected in oxidized aquifer sediments.
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1. Introduction

Surface water quality deterioration, accelerated by climate change, has encouraged
many countries to adopt the bank filtration as a cost-effective pretreatment step in drinking
water supplies (Delpla et al., 2009; Sprenger et al., 2011). European countries like Germany,
the Netherlands, and Switzerland have relied on bank-filtered water as one of their primary
drinking water resources since the 1900s (Sprenger et al., 2017). Recently, South Korea also
started to operate an RBF system for treating undesirable substances in the river water such as
green algae (Lee et al., 2009; Lee et al., 2012). The general RBF practice consists of a water
extraction through wells installed adjacent to a river, which forces the surface water to flow
through the subsurface aquifer towards the extraction wells (Ray et al., 2008; Ghodeif et al.,
2016). During this process, the concentration of contaminants in the river water can be reduced
by subsurface attenuation mechanisms such as mixing, filtration, sorption, and biodegradation
(Schwarzenbach et al., 1983; Stuyfzand 1989; Ray et al., 2002; Bertelkamp et al., 2014).

The removal of different organic contaminants by bank filtration has been investigated
in many studies (Grunheid et al., 2005; Maeng et al., 2011; Bertelkamp et al., 2014). However,
our knowledge on the behavior of inorganic species during the bank filtrations is quite limited.
Unusual concentration patterns of inorganic species are sometimes detected in bank-filtered
water, which require a geochemical process-based explanation. For example, some RBF
systems along the Nile river (Ghodeif et al., 2018) were found to accelerate the release of iron
(Fe) and manganese (Mn), which worsened the quality of bank-filtered water (Massmann et al.,
2004; Paufler et al., 2018).

Among the inorganic species found in bank-filtered water, Fe has drawn the most
attention from researchers (Ray, 2002; Kedziorek et al., 2009; Othman et al., 2015; Grischek
& Paufler, 2017). Although Fe is non-toxic, its presence could be associated with that of toxic

metals in the filtrate because some Fe minerals in the aquifer might contain Mn, arsenic (As),



nickel (Ni), and zinc (Zn) as trace elements (Dowling et al., 2002; Lorenzen et al., 2010; Xie
et al., 2015). In addition, Fe precipitates may clog the wells and the aquifer porous network,
thereby reducing the overall efficiency of RBF systems (Antoniou et al., 2012; Grischek et al.,
2017). Therefore, understanding Fe-related geochemical reactions during RBF is very
important to adequately manage RBF systems, both in terms of water quality and quantity
aspects.

A recent study (Farnsworth et al., 2011) summarized the major geochemical processes
related to Fe behavior during RBF, including the microbially mediated reduction near the
riverbank and the oxidation around extraction wells. However, the relative contributions of
each process to the final Fe concentration in the bank-filtered water remains unknown although
it is essential for predicting water quality changes and determining the necessity of post-
treatment. To the best of our knowledge, no systematic approach for identifying the processes
relevant to the water quality change during RBF has been proposed yet possibly due to the
large uncertainty in the subsurface mineral distributions and the complexity of multiple
reactions involved. One way to identify and quantify the inorganic geochemical reactions
during RBF is the inverse modeling technique based on the chemical mass balance (Stuyfzand,
2010). In this approach, the molar concentrations of inorganic species in the surface water and
the native groundwater are compared with those in the bank-filtered water to determine the
most likely combination of subsurface geochemical reactions which best explains the inorganic
compositions in bank-filtered water (Antoniou et al., 2012; Stuyfzand, 2006; Stuyfzand, 2006a).
As a few examples, Stuyfzand (2006a) employed REACTION+, a chemical mass balance
model working in an Excel® spreadsheet, to quantify the extent of hydro-geochemical reactions
at the water-sediment interface. Using the same model, Antoniou et al. (2012) identified the

major geochemical reactions during aquifer storage and recovery (ASR) in a confined aquifer.



In this study, we focused on a pilot-scale RBF site in the Nakdong river delta in South
Korea. During the operation of the RBF facility, Fe and sulfate (SO4*") concentrations at the
extraction wells increased to the values significantly beyond those that could be estimated from
the simple volumetric mixing of river water and native groundwater. This implies that the
subsurface reactions during RBF must have occurred. In this study, we aimed to identify the
subsurface geochemical reactions responsible for the evolution of Fe and SO4* during RBF,
and to quantify their relative contributions to the quality of bank-filtered water. For this purpose,
we monitored the evolution of water quality at the extraction wells, calculated the volumetric
mixing of infiltrated river water and native groundwater in the aquifer, and performed the
REACTION+ modeling with the observed data. In addition, we investigated the mineralogy of
the aquifer sediments to confirm the presence of the reactive minerals responsible for the

process that the REACTION+ modeling indicated as the most plausible.

2. Materials and methods
2.1. Study site and sample collection

The pilot-scale RBF system is located in the Nakdong river delta in southeastern Korea
(Fig. S1(a)). The study site has a geological profile of top soil (0—-0.8 m), sand layer (0.8-9.6
m), and silty clay layer (9.6-25.8 m), with the groundwater level located at 1.5 m below the
ground surface (Ko et al., 2016; Lee et al., 2020). The extraction well is installed 15.2 m away
from the riverside and is screened from 8.0 to 9.0 m below the ground surface (Fig. S1(b)).
Throughout the total 134 days of well operation (from May to October 2016), the pumping rate
was 500 m®/day during the first 80 days and then decreased to 250 m?/day for the next 55 days
(Fig. S2). Intermittent stops of the pumping system occurred particularly after 60 days from

the beginning of the well operation. The bank-filtered water and river water were collected



periodically in 50-mL polypropylene tubes at the extraction well and at the riverside,
respectively. Samples for analyzing the main constituents were filtrated in the field using a

0.45 pm membrane filter, and transported to the laboratory in a cool box at around 4C. In

particular, the samples for cation analysis were acidified with 0.35 mL HNO; (65%) after
filtration. A soil sample was collected within the sand layer, 5.5 m below the ground surface
and 7 m away from the riverside in the direction of the extraction well, to estimate the

mineralogical composition of the aquifer sediments.

2.2. Analytical methods

The pH, dissolved oxygen (DO), oxidation-reduction potential (ORP), electrical
conductivity (EC), and temperature were measured on-site using a portable multi-meter (Y SI-
556 Multi Probe System, YSI) in a flow cell. Cation concentrations (Na*, Ca*", K, Mg?*, Zn*",
total Fe, and total Mn) were determined by inductively coupled plasma optical emission
spectroscopy (ICP-OES, Agilent 730). Anion concentrations (Cl, NOs™ and SO4>") were
analyzed by ion chromatography (IC, Dionex ICS-1000) equipped with an IonPac AS23
column. Duplicate samples were prepared for both of ICP and IC analyses, and the discrepancy
in the charge balances of cation and anion species was ranged in 2~5 %. The bicarbonate
(HCO3") concentration was determined by titration (Hem, 1985; Hesse, 1971; Jalali et al., 2009;
Neal, 2001; Pauss et al., 1990) with 0.1 N HCI as the acid titrant. DOC was analyzed using a
total organic carbon analyzer (TOC-L, Shimadzu) in the DOC mode. The mineralogical
composition of the sediment sample from the aquifer was characterized by X-ray diffraction
(XRD) using D8 Advance (Lynxeye) with CuKa 1 radiation at 40 kV-40 mA (range: 3-90°,

speed: 2 °/min, step: 0.02°).



2.3. Calculating the volumetric mixing ratio of river water and native groundwater

We conducted flow and transport modeling to obtain the volumetric mixing ratio of
river water and native groundwater. The mixing ratio allows us to estimate the conservative
ion concentrations in the bank-filtered water from those of river water and native groundwater.

The steady state groundwater flow field was simulated using MODFLOW (Preconditioned

Conjugate Gradient Package 2 (PCG2) solver). Fhe-extractionrate-ofthe-pumping-wel-was
o ’ | | old ion(500-m*/day_forthe first 80 days.then 256
m>/day)-The total simulation time was set to 134 days (May 26™, 2016 through Oct 7, 2016,
134 days in total), with a time step of 1 day. A constant head condition was set to all boundaries,
and the regional groundwater flow was assumed to be negligible. The hydraulic conductivity
was fixed to 6.5 m/day that was a calibrated value to fit the field-measured hydraulic head (Lee
et al.,, 2020). Using the obtained flow field, a backward particle tracking simulation was
performed using PMPATH (Chiang and Kinzelbach, 1994). Five hundred particles were
initially deployed at the pumping well, and the travel time of each particle from the well to the
domain boundaries was measured. At each time step, the number of particles that reached the
river water was counted and divided by the total particle number, thus obtaining the mixing
ratio. The relative number of particles that reach the river water is proportional to the volume
of river water in the pumping well, so the ratio of the accumulated particle number to the total
particle number indicates the volumetric mixing ratio of river water to bank-filtered water.
Using the volumetric mixing ratio, the expected concentrations of conservative tracers
at the pumping well can be calculated. The concentration of a conservative ion in the bank-
filtered water (C) can be calculated by the following equation:

C (mg/L) = CeXrg+Cs X1y (1)



Where, Cg is the concentration in ambient groundwater (mg/L), r¢ is the volumetric fraction
of ambient groundwater in the bank-filtered, mixed water, Cs is the concentration in the river

water (mg/L), and rs is the volumetric fraction of river water in the bank-filtered, mixed water.

2.4. Chemical mass balance modeling using REACTION+

For identifying and quantifying the geochemical reactions that affect the total Fe and
SO4* concentrations at the study site, we conducted an inverse modeling using a chemical mass
balance model called REACTIONS+ (Version 7, Stuyfzand, 2011). Potential geochemical
reactions that can occur during RBF are comprehensively considered in REACTION+
calculation as listed in Table S1 (Stuyfzand, 1998a). REACTION+ quantifies the geochemical
reactions by taking into account the differences between the input and the output concentrations
of each dissolved component while considering the redox sequences for determining the
priority of various reactions with the default settings on the mineral dissolutions of, for example,
gypsum (CaSOQOs), barrite (BaSOs), siderite (FeCO3), gibbsite (Al(OH)s3), halite (NaCl), and
dolomite (CaMg(COs)2). In this regard, a convective transport of O, and CO; from the
unsaturated zone to the unconfined aquifer, a nitrification, and a DOC oxidation by O> and
NOs" are considered first as the initial processes in REACTION+, which are followed by redox
and dissolution processes in order (see Table S1). The chemical composition of river water and
native groundwater are taken as the model input, which include DO, pH, temperature, DOC,
cations and anions, whereas those of the bank-filtered water as the model output. Ambient
groundwater is considered as the single initial contributor of bank-filtered water. Since pH and
HCOs™ are not auto-balanced in REACTION-+, these are taken as the final calibration terms to

evaluate the reliability of the resulting mass balance.



Among the hydrogeochemical reactions consider in the REACTION+, the reactions
relevant to total Fe and SO4* during RBF are separately summarized again in Table 1. As for
the sequence of the redox reactions in Table 1, the pyrite oxidation by O; is considered first.
The total Fe concentration derived from this reaction (Table 1(a)) is determined by calculating
the equivalent molar concentration to that of SO4>* observed in the bank-filtered water. The
molar concentration of SO4> generated by the Oz oxidizing pyrite is determined by considering
the oxygen supply given as the input (DO in the river water and the native groundwater) and
the oxygen consumption by the initial DOC oxidation in the model. The total Fe concentration
attributed to the NO;s™ oxidizing pyrite is determined by calculating the equivalent molar
concentration to that of NO3™ that decreased during RBF through the reaction equation in Table
1(b). The remaining fraction of the measured Fe after being assigned to the products of pyrite
oxidation, is designated to be generated by the microbially mediated Fe(OH); reduction (Table
1(c)). Dissolution processes (Table 1(d) and (e)) can be optionally included by considering
field conditions such as the chemical composition of aquifer sediments, the fluctuation of

groundwater table, and pH, etc.

Table 1. Hydrogeochemical processes relevant to the evolution of total Fe and SO4*
concentrations during RBF

Process Reaction equation
Pyrite
oxidation (a) 3.750,+FeS; + 4HCO5” — Fe(OH); + 2S04* + 4CO; + 0.5H,0
by Oz
Pyrite (b) 2.8NOs" + FeSs + 0.8 CO + 0.4H,0 — Fe?* + 280, +
. (§ . . — '
Redox oxidation ’ 2 ? ? )
0.8HCOs5™ + 1.4N;
by NO;
Fe(OH); .
. (¢) Fe(OH); + 0.25CH,0 + 1.75CO, — Fe?" +2HCO; + 0.75H,0
reduction

Dissolution ~ Gypsum (d) CaS0O42H,0 < Ca*' + SO4*




Siderite

(¢) FeCOs + CO, + HoO <> Fe*" + 2HCOy

3. Results and discussion

3.1. Temporal changes of dissolved ion concentrations in bank-filtered water

3.1.1 Field observations

Table 2 summarizes the average water quality data of river water, native groundwater,

and bank-filtered water from the pumping well. Detailed temporal changes of river and bank-

filtered water quality are reported in Tables S2 and S3, respectively, in the supplementary data

file.

Table 2. Average water quality of river water, native groundwater, and bank-filtered water

River water?
(£ standard
deviation)

Native Groundwater °
(£ standard deviation)

Bank-filtered water ©
(£ standard deviation)

Temp. (°C)
pH
ORP (mV)
EC (mS/cm)
02 (mM)
Total Fe (mM)
Total Mn (mM)
Na' (mM)
Ca?" (mM)
Mg*" (mM)
K" (mM)
SO4* (mM)
ClI'(mM)
NO;3™ (mM)
HCOs5 (mM)
DOC (mM)

26.118 (+3.916)
8.11 (+0.539)
42.8 (+41.391)
0.318 (40.182)
0.247 (+0.066)
N.D.
N.D.
0.667 (+0.332)
0.562 (+0.166)
0.212 (40.037)
0.111 (0.024)
0.212 (+0.064)
0.563 (+0.356)
0.105 (£0.028)
0.896 (+0.172)
0.169 (£0.041)

20.103
7.016
-81.4 (+70.3)
4.407
0.071
0.358 (40.145)
0.024 (£0.008)
15.912 (+1.179)
3.535 (+0.894)
3.008 (+0.265)
0.740 (£0.004)
0.134 (£0.035)
18.177 (+£1.424)
0.019 (£0.018)
8.207 (+0.476)
0.412 (£0.053)

21.31 (£0.710)
7.19 (£0.171)
-14.13 (£39.726)
1.168 (£0.043)
0.01 (£0.007)
N.A. (see Table S3)
0.009 (+0.006)
5.051 (£0.585)
1.221 (+0.437)
1.466 (£0.025)
0.407 (£0.043)
N.A. (see Table S3)
4.405 (+0.387)
N.D.

4.915 (+0.370)
0.625 (+0.273)

N.D.: Not detected; N.A.: Not available; * Mean value from day 1 to day 134 (May 27% — Oct
7% 2016); ® Mean value for the first two days (May 27"-28" 2016, before the mixing of
native groundwater with the intruded river water); © Mean value from day 64 to day 134 (July



29t — Oct 7™, 2016, when the bank-filtered water has a stable mixing ratio of river water and
native groundwater)

The in-situ measurements revealed that DO and ORP of river water were compatible with
oxidizing conditions (i.e., 5-10 mg/L for DO, and 10—120 mV for ORP), while those of the
ambient groundwater with reducing conditions (i.e., 0.9—-1.49 mg/L for DO, and -151.7—-11.1
mV for ORP). This can be also seen from the different concentrations of redox-sensitive
parameters such as Mn and NOs". In general, the ion concentrations in the bank-filtered water
were higher than those in the river water due to (i) the mixing with the native groundwater, and
(i1) the various water-rock interactions underwent by the bank-filtered water. The DOC
concentrations in every water sample fell in the range of typical groundwater (0.1-1 mM)
(Appelo and Postma, 2004). However, the DOC in the bank-filtered water was higher than
those of the river and the native groundwater, which is abnormal since DOC is known to be
readily oxidized by O, and NOs™ present or introduced in the aquifer during RBF. We believe
that this might be caused by the presence of organic matter in the subsurface around the

pumping well.

3.1.2 Calculation based on the volumetric mixing ratio

The relative volumetric ratios of the river water and the native groundwater in the bank-
filtered water are shown in Fig. 1. At the beginning of the operation, only native groundwater
was present in the bank filtered water. However, the contribution of river water in the filtered

water rapidly increased and it reached 80 % at the end of the operation.
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Fig. 1. Relative volumetric ratios of river water and ambient groundwater in the bank-filtered

water. The square marker indicates the day when water quality data were collected

Assuming the non-reactive (conservative) transport of dissolved ions and no additional
hydrogeochemical reactions during RBF, the ion concentrations in the bank-filtered water were
calculated using Eq. (1) according to the relative volumetric ratios of river water and native
groundwater (see Fig. 1). The initial native groundwater quality was assumed as the average
water quality at the pumping well during the first two days of operation (May 27" and 28",
2016; see Table S3) when the river water intrusion was negligible. The PMPATH calculation
gives that the first arrival of river water to the pumping well occurs on day 5. The calculated
and measured ion concentrations in the bank-filtered water are shown in Fig. 2. To compare
the degree of discrepancy between the ions with different concentration ranges, the mean

deviation of the normalized concentrations was calculated for each ion by the following

equation:
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Mean deviation =
Where, n is the number of data for an ion, y;i is the measured concentration of an ion, X; is the
calculated concentration of an ion based on the volumetric mixing, and Co is the initial
concentration of an ion in the native groundwater.

As shown in Fig. 2, the concentration of an ion in the bank-filtered water generally
decreased with time as the contribution of river water (having lower ion concentrations than
the native groundwater) increased. Mean deviations for Na®, Ca?", and Cl remained low (in the
range of -0.1 to 0.1), implying that the concentration of these ions could be properly predicted
by considering only the mixing effect (see Fig. 2(a)). In particular, CI" (conservative tracer)
showed the least mean error among the considered ions, validating the mixing ratio calculated
by the flow model. Interestingly, the calculated concentrations of Ca*" were generally higher
than the measured values, while the opposite was true in the case of Na'. This might be

explained with the exchange of divalent Ca?" for monovalent Na* (Appelo and Postma, 2004)

in the aquifer sediment during RBF.
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Fig. 2. Differences between measured and calculated ion concentrations summarized as (a)
the mean errors of normalized concentrations of each ion, shown for: (b) CI', (c) Na*, (d)

Ca?", (e) total Fe, and (f) SO4*

While the results for Na*, Ca?*, and CI- were satisfactory, the mean errors for total Fe

and SO4> were significantly high. The total Fe concentration decreased in the early period of

14



well operation possibly because of mixing, as was the case for Na*, Ca?’, and CI, but
subsequently increased (see Fig. 2(e)) even though the dilution effect became more significant
over time (see Fig. 1). The temporal change of SO4* concentration shows a pattern similar to
that of total Fe, except for the gradual increase in the early period, which could be attributed to
the slightly higher SO4>* concentrations in the river water (0.192-0.274 mM) than in the native
groundwater (0.099-0.169 mM). This suggests that some hydrogeochemical reactions

involving Fe and SO4* should have occurred during RBF at the site.

3.2. REACTION+ modeling

In order to assess the relative contribution of various subsurface reactions to the total
Fe and SO4> concentrations in the bank-filtered water, a chemical mass balance analysis was
conducted using REACTION+. In this approach, two assumptions were made: (1) that all
reactions are in the steady state during RBF operation, and (2) that the minerals involved in the

reactions are spatially homogeneous in the aquifer.

3.2.1. Hydrogeochemical reactions responsible for total Fe evolution during RBF

As summarized in Table 1, the subsurface reactions relevant to the total Fe evolution
during RBF include Fe(OH)s reduction, pyrite oxidation, and siderite dissolution. Among these
reactions, siderite (Fe(1-xyMnxCO3) dissolution was neglected in this estimation considering the
aquifer environmental conditions. Siderite dissolution is known to be favored only at the pH
below 5.2; therefore, this reaction should be limited at typical groundwater pH of 68 (Walter
et al., 1994). Duckworth et al. (2004) also demonstrated that siderite hardly dissolved at a pH
of 68 due to the presence of a Fe(OH); coating that formed on its surface by siderite oxidation.

Moreover, siderite was found to have a solubility product constant (Ksp) of 1071912 — 107112 in

15



the temperature range of 17-25 °C (which is even slightly higher than the typical aquifer
condition), corresponding to a solubility of approximately 6.09x10¢ mol/L (0.013 mM)
(Jensen et al., 2002; Benezeth et al., 2009). The ionic balance between Ca*" and HCO;s" (i.e.,
2x[Ca?"] / [HCO57] = 0.86) in the native groundwater also supports the exclusion of siderite
dissolution from the modeling.

The results of the chemical mass balance analysis for total Fe are shown in Fig. 3(a)
and 3(b). The Oz supply from the unsaturated zone into the groundwater was set to zero in this
analysis for clarifying the potential effect of oxygen originally dissolved in the river water
which was given as the model input. The calculated concentration of total Fe, which is the sum
of the Fe concentrations expected from pyrite oxidation and Fe(OH); reduction, is comparable
with the values measured in the field (Fig. 3(a)). Among the considered reactions, Fe(OH)3
reduction was shown to dominate the total Fe release during RBF (except on the 43™ day, see
Fig. 3(b)), which is consistent with the findings from previous studies (Farnsworth et al., 2011;
Ko et al., 2016). Pyrite oxidation by O2 and NO3™ was also found to contribute to the total Fe
evolution in the bank-filtered water. This could be due to the constant O, supply from the river
water (> 5 mg/L) during RBF. Some researchers reported the possible release of metals such
as As, Fe and Mn contained in the aquifer minerals triggered by the intrusion of surface water
into the aquifer (Anawar et al., 2003; Massmann et al., 2008). The moderate amount of NO3
in the river water (0.068—0.144 mM, see Table S2) is also expected to oxidize some pyrite
(Engesgaard et al., 1992; Juncher Jorgensen et al., 2009; Zhang et al., 2009). It should be noted
that the NO3™ consumption is priorly considered to be attributed to the pyrite oxidation in

REACTION+.
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Fig. 3. Results of the REACTION+ model simulation without oxygen supply from the
unsaturated zone showing: (a) the calculated total Fe concentrations compared with the
measured ones, (b) the relative contributions of different hydrogeochemical processes to the
total Fe concentration in the bank-filtered water, (c) the calculated SO4% concentrations
compared with the measured ones, and (d) the relative contributions of different

hydrogeochemical processes to the SO4>" concentration in the bank-filtered water.

3.2.2. Hydrogeochemical reactions responsible for SO+ evolution during RBF
The hydrogeochemical processes evolving SO4> in the aquifer during RBF include
pyrite oxidation and gypsum dissolution (see Table 1). In our analysis, gypsum dissolution was

excluded by presuming the potential gypsum contents in the concerning aquifer. The ion
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activity product (IAP) calculated from the initial concentrations of Ca?" and SO4>" in the native
groundwater (IAP = [Ca?']*[SO4>] = 4.38*107) is much lower than the solubility product
constant (Kg = [Ca?"]*[SO4>] = 10*€) (Faure, 1998). This indicates that the initial SO4*
concentration could be as high as 5.012 mM in the presence of gypsum; however, the much
lower SO4> concentration in the ambient groundwater (0.134 mM) should imply little gypsum
content in the aquifer minerals. It is also supported by the saturation index (SI= log(IAP/Ksp)=
-1.76) of gypsum.

The results of the chemical mass balance analysis for SO4* are shown in Fig. 3(c) and
3(d). In this analysis, the oxygen supply from the unsaturated zone into the groundwater was
assumed to be zero. The calculated concentrations do not match well with the measured values,
particularly beyond day 64 (Fig. 3(c)), implying that the hydrogeochemical processes in the
field have not been properly captured in the modeling. In the analysis, however, the evolution
of SO4* in the bank-filtered water was found to be mainly attributed to convection and pyrite
oxidation by Oz and NOs™ (Fig. 3(d)). Convection had its significance in this modeling due to
the higher concentrations of SO4*" in the river water compared to the native groundwater during
RBF. The contribution of pyrite oxidation to the SO4>" concentrations could be explained in the

same manner as that for the total Fe evolution.

3.3. Incorporation of O2 diffusion from the unsaturated zone into the groundwater in the
modeling

The effect of O, diffusion from the unsaturated zone into the groundwater on the water
quality change during RBF has not been clearly demonstrated in the previous studies. However,
as shown in the model setup with no O> supply (see section 3.2), the calibration terms of pH

and HCOz3™ could not be calculated in many cases (see Table 3), and significant discrepancies
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existed between the calculated and measured SO4> concentrations. To reduce these

discrepancies, the model setup was adjusted by taking specific field conditions into account.

Table 3. Calibration terms of pH and HCO3 measured in the field and calculated by
REACTION+

Days after starting

the RBF system 8 22 43 64 92 134

Without oxygen supply from the unsaturated zone

n measured 7.15 7.00 7.02 7.01 7.02 7.03

P calculated N.A. N.A. N.A. N.A. 7.08 N.A.
HCO3;  measured 7.13 5.10 4.55 4.50 4.85 5.40
(mM)  calculated 6.11 3.16 3.95 3.56 5.40 5.08

With oxygen supply from the unsaturated zone

0 measured 7.15 7.00 7.02 7.01 7.02 7.03

p calculated 6.75 6.98 6.99 6.97 6.98 7.04
HCO3;  measured 7.13 5.10 4.55 4.50 4.85 5.40
(mM)  calculated 6.89 4.15 4.32 4.07 4.24 5.61

N.A.: Not Available

First, we noticed that the groundwater level at the study site was 1.5 m below the ground,
implying that O diffusion from the atmosphere into the groundwater is preferable.
Consequently, the initial condition of O supply during the stable period (without groundwater
table fluctuation) in the model was changed to 0.3 mM of which value was determined by
considering the Oz solubility (9 mg/L) at the temperature of shallow subsurface (assumed as
20~22 °C).

In addition, we identified some events that might have altered the subsurface reaction
conditions on day 64, 92 and 134. Particularly, just before day 92 when an abrupt increase in
the SO4% concentration was observed, the pumping rate of the extraction well decreased from
500 m*/day to 250 m*/day (see Fig. S2). Several studies showed that a change in the pumping
rate can induce groundwater table fluctuations which may result in excess O> diffusion to the

groundwater (Williams et al et al., 2000; Massmann et al., 2008; Farnsworth et al., 2011).
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Kohfahl et al. (2009) suggested that the air bubbles entrapped in the soil pores due to
groundwater table fluctuations might be the most important source of O flux into the
groundwater during RBF. Fry et al (1997) reported that the O> concentration caused by
groundwater table fluctuations could be 28 times higher than O; solubility in water (0.3 mM x
28 = 8.4 mM), and Amos et al. (2006) showed that it could vary in the range of 10 ~150 mM
within the realm of groundwater table. Therefore, in order to incorporate the sudden decrease
in the pumping rate, the Oz supply in the model increased to 3 mM (10 times higher than that
in the stable condition but much lower than the previously reported values) on day 92, even
though the actual O supply around the pumping well could not be exactly measured or
calculated. Furthermore, the oxygen supply on day 64 and 134 were adjusted to 0.6 mM (twice
higher than that in the stable condition) because the pump was temporarily switched off, which
could enhance the O> dissolution into the groundwater. Farnsworth et al. (2011) showed that
on-off cycles of the pumping well could cause groundwater table oscillations at an RBF site.
The value of 0.6 mM was determined to be slightly higher than that caused by atmospheric O
diffusion into the groundwater (0.3 mM) and to minimize the difference between the measured
and calculated calibration terms.

The calibration terms of pH and HCO3" calculated in the adjusted REACTION+ run are
summarized in Table 3. This time, the terms could be obtained in all cases, and their values
were similar to the measured data.

As shown in Fig. 4, the adjusted REACTION+ run provided total Fe and SO4> values
that describe the trends of measured values better than the values provided by the initial model
run (which included the O; supply from the unsaturated zone to the aquifer; see Fig. 3(a) and
3(c) with Fig. 4(a) and 4(c)). The reason for the higher discrepancy observed in SO4>" than in
total Fe remains unclear. The adjusted model run suggests that pyrite oxidation by Oz is the

main process responsible for the evolution of both total Fe and SO4> (Fig. 4(b) and 4(d)). The
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effect of pyrite oxidation by NO3™ was neglected on day 92, possibly because of the initially
high O2 convection into the groundwater. The relative contribution of Fe(OH); reduction,
which should be the major source of Fe in the native groundwater, decreased as the river water
intrusion proceeded. For some cases (on day 43 and 92), the adjusted modeling included the

processes that can reduce the dissolved Fe concentration by forming the iron precipitates

(Fe(OH)3).
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Fig. 4. Results of the adjusted REACTION+ model simulation with oxygen supply from the
unsaturated zone showing: (a) the calculated total Fe concentrations compared with the
measured ones, (b) the relative contributions of different hydrogeochemical processes to the

total Fe concentration in the bank-filtered water, (c) the calculated SO4> concentrations
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compared with the measured ones, and (d) the relative contributions of different

hydrogeochemical processes to the SO42* concentration in the bank-filtered water

3.4. Mineralogical analysis of aquifer sediments for confirming the presence of pyrite

The REACTION+ modeling results shown in the previous section suggested that pyrite
oxidation by O should be the main contributor to the evolution of total Fe and SO4* during
RBF at the site. To evaluate the reliability of this result, the mineralogical composition of a
sediment sample collected from the aquifer was analyzed, focusing on the presence of pyrite.

Although it has been reported that the pyrite can exist in shallow aquifers (Berner, 1984;
Rickard, 1975; Rust, 1935; Sawlowicz, 1993; Wilkin and Barnes, 1997), pyrite was not
detected in the aquifer sediment directly. However, iron sulfate hydroxide (Fe(SO4)(OH)) was
found (see Fig. S3) which can be considered as the oxidized form of pyrite. Komnitas et al.
(1995) and Majzlan et al. (2018) reported that Fe(SO4)(OH) can be generated from pyrite as a
parent mineral by weathering and bacterial oxidation. This might be due to pyrite oxidation
under the atmospheric condition to which the sediment sample was exposed during storage and
analytical procedures (Moses et al., 1991), and/or the current single specific sampling location

despite of the heterogeneous distribution of pyrite in the aquifer.

4. Conclusions

In this study, the subsurface hydrogeochemical reactions responsible for the
abnormally high Fe and SO4> in the bank-filtered water were identified using the chemical
mass balance modeling approach. When the reaction conditions resulting from the site-specific
groundwater level and the system operational events were incorporated into the modeling, the

results became more reliable with respect to the model calibration terms and the calculated
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values of Fe and SO4>". The model identified the pyrite oxidation by O, as the most relevant
subsurface process to the evolution of total Fe and SO4> during RBF at the study site.
Identifying “hidden” subsurface hydrogeochemical processes is critical to various practices
such as reactive transport modeling and the design of a water treatment strategy. Reactive
transport modeling has been proven effective in many studies to obtain insights into the
spatiotemporal evolution of groundwater quality. However, the adequate selection of relevant
subsurface processes is a prerequisite for successful reactive transport modeling. The
identification of contaminant-releasing mechanisms is also essential for designing a
satisfactory subsurface remediation strategy. However, it should be noted that REACTION+
relies upon batch-type equilibrium reactions, and it does not consider the effects of reaction
kinetics and transport processes. Combining chemical mass balance modeling used in this study
and reactive transport modeling could become a robust framework for comprehensively
characterizing water quality changes during RBF. Also, multiple mineralogical analyses of
aquifer materials and laboratory experiments can contribute to the improved characterization

of the geochemical reactions in the subsurface.
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