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A B S T R A C T   

Iron (Fe)-based treatment methods are widely applied to remove carcinogenic arsenic (As) from drinking water, 
but generate toxic As-laden Fe (oxyhydr)oxide waste that has traditionally been ignored for resource recovery by 
the water sector. However, the European Commission recently classified As as a Critical Raw Material (CRM), 
thus providing new incentives to re-think As-laden groundwater treatment sludge. Before As recovery techniques 
can be developed for groundwater treatment waste, detailed information on its structure and composition is 
essential. To this end, we comprehensively characterized sludge generated from a variety of As-rich groundwater 
treatment plants in different geographic regions by combining a suite of macroscopic measurements, such as total 
digestions, leaching tests and BET surface area with molecular-scale solid-phase analysis by Fe and As K-edge X- 
ray absorption spectroscopy (XAS). We found that the As mass fraction of all samples ranged from ~200–1200 
mg As/kg (dry weight) and the phosphorous (P) content reached ~0.5–2 mass%. Notably, our results indicated 
that the influent As level was a poor predictor of the As sludge content, with the highest As mass fractions 
(940–1200 mg As/kg) measured in sludge generated from treating low groundwater As levels (1.1–22 µg/L). The 
Fe K-edge XAS data revealed that all samples consisted of nanoscale Fe(III) precipitates with less structural order 
than ferrihydrite, which is consistent with their high BET surface area (up to >250 m2/g) and large As and P mass 
fractions. The As K-edge XAS data indicated As was present in all samples predominantly as As(V) bound to Fe 
(III) precipitates in the binuclear-corner sharing (2C) geometry. Overall, the similar structure and composition of 
all samples implies that As recovery methods optimized for one type of Fe-based treatment sludge can be applied 
to many groundwater treatment sludges. Our work provides a critical foundation for further research to develop 
resource recovery methods for As-rich waste.   

1. Introduction 

Approximately 94–200 million people are potentially exposed to 
carcinogenic arsenic (As) in groundwater at levels above the World 
Health Organization (WHO) provisional limit of 10 µg/L (Podgorski and 
Berg, 2020). Many regions already rely heavily on groundwater treat
ment to meet the 10 µg/L WHO drinking water guideline when access to 
alternative water sources is not available. However, there is a growing 
consensus that the 10 µg/L guideline is not low enough to sufficiently 
protect public health from negative impacts of chronic As exposure 
(Ersboll et al., 2018). Indeed, several regulatory agencies target As 

drinking water levels <10 µg/L (Ramsay et al., 2021), with the 
Netherlands recently aiming for 1 µg/L (Ahmad et al., 2020). Moreover, 
the California EPA has set a Public Health Goal for As of 4 ng/L (2,500 
times lower than the WHO guideline), which is a health-based goal that 
is thought to reflect actual safe As concentrations in drinking water 
(Frisbie and Mitchell, 2022). As more regions continue to target 
increasingly stringent As drinking water limits, the reliance on 
groundwater treatment is expected to grow. 

The most common groundwater treatment methods in both high- and 
low-income regions are based on As sorption to iron (Fe) (oxyhydr)ox
ides, but some key differences among these methods exist. Aeration- 
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filtration is one of the simplest methods and is employed in many large- 
scale conventional groundwater treatment plants (Gude et al., 2016). 
This method relies on aerating groundwater containing Fe(II) and 
arsenite (As(III)), the most common form of As in groundwater, to 
oxidize Fe(II) and produce particulate Fe(III) (oxyhydr)oxides (BGS, 
2001; van Genuchten and Ahmad, 2020). The oxidation of Fe(II) by O2 
also creates reactive Fenton-type oxidants that can co-oxidize As(III) to 
arsenate (As(V)), which binds effectively to Fe(III) precipitates (Hug and 
Leupin, 2003). The As-laden solids are then separated from treated 
water with sand filters. The aeration-filtration process can be enhanced 
by stimulating bacterial growth on sand filters to accelerate Fe(II) and As 
(III) oxidation, which is often referred to as biological-adsorptive Fe 
removal (Gude et al., 2018). When naturally-occurring Fe in ground
water is not sufficient to remove As, additional Fe is dosed often via 
acidic ferric chloride (FeCl3) solution (Hering et al., 1996). However, in 
decentralized As-affected regions, such as rural India, the production 
and transport of FeCl3 is a logistical challenge. Therefore, groundwater 
treatment can rely on the electrolytic dissolution of Fe(0) metal as the 
source of Fe(III) (oxyhydr)oxides to bind As, which is a technique called 
Fe(0) electrocoagulation (Bandaru et al., 2020a). The efficiency of Fe(0) 
electrocoagulation can be enhanced by employing an air-cathode to 
generate H2O2 (i.e., electro-Fenton treatment), which increases the rates 
of Fe(II) and As(III) co-oxidation (Bandaru et al., 2020b). While each of 
these methods excel in different conditions (e.g., low vs high influent As 
levels; small vs large plant capacity; low vs high infrastructure re
quirements) they all generate solid As-laden sludges that must be 
managed as part of routine operation. 

Due to concerns over As toxicity, As-laden groundwater treatment 
sludge has traditionally been regarded as a worthless by-product that 
requires disposal (Clancy et al., 2013), rather than a secondary source of 
critical materials. Accordingly, previous research on groundwater 
treatment sludge has focused mainly on characterizing As-free sludge in 
the context of agricultural application or repurposing as sorption media 
for water treatment (Keeley et al., 2014; Turner et al., 2019). For 
example, Likus et al. (2021) investigated the physicochemical and 
textural properties of sludge derived from aeration-filtration plants for 
Fe and Mn removal and suggested that the highly porous, nanoscale Fe 
(III) solids could be ideal for subsequent contaminant removal. Water 
treatment residuals with similar structures were also proposed to pre
vent phosphorous (P) runoff from agricultural land following fertilizer 
application (Gallimore et al., 1999). While these studies on waste reuse 
are useful, analogous investigations have not been performed on sludge 
containing As, the presence of which would typically be viewed nega
tively for reuse applications. However, the societal value of As is 
currently being redefined. In 2023, As appeared in the European Com
mission’s list of Critical Raw Materials (CRMs; Figure S1 in the Sup
plementary Materials) due to its widespread use in key products (e.g., 
batteries, alloys, high-speed electronics) and its global supply being 
dominated by a single country (European Commission, 2023; Shi et al., 
2017). This classification provides increased incentive to upcycle local 
sources of As, such as As-rich groundwater treatment waste. An essential 
step to create techniques to convert As-rich waste into valuable mate
rials is to determine the composition and solid-phase As and Fe specia
tion of different treatment sludges generated around the world. 

In this work, we comprehensively characterized As-bearing sludge 
collected directly from the sludge storage areas of a variety of Fe-based 
groundwater treatment plants. The investigated plants were selected 
strategically to include 1) aeration-filtration, 2) biological-adsorptive Fe 
removal, 3) ferric chloride addition, 4) Fe(0) electrocoagulation and 5) 
electro-Fenton treatment. In addition, the plants were selected to span 
wide ranges of capacity (3,650–5,500,000 m3/y), geographic region 
(North America, Europe, Asia) and groundwater composition (e.g., 
influent As levels of 1–390 µg/L). Rather than perform a cursory 
investigation of more samples, we opted to perform detailed charac
terization of fewer, but indicative samples. To this end, we combined a 
suite of macroscopic measurements, such as elemental composition, 

leaching tests and BET surface area, with molecular-scale solid-phase 
analysis by synchrotron-based Fe and As K-edge X-ray absorption 
spectroscopy (XAS). Our study indicates that As-bearing groundwater 
treatment sludge can be a local source of CRMs (e.g., As, P, Mn) and 
provides new information to inspire the design of novel As recovery 
techniques. 

2. Materials and methods 

2.1. Sludge collection 

Arsenic-bearing groundwater treatment sludge was obtained from 
six separate treatment plants: Holmehave (HH), DK (aeration-filtration); 
Lunde, DK (aeration-filtration); Kerte, DK (ferric chloride addition); 
Mol, BE (biological-adsorptive Fe removal); Dhapdhapi, West Bengal, IN 
(Fe(0) electrocoagulation) and Allensworth, California, USA (electro- 
Fenton treatment). Key details of each plant are summarized in Table 1, 
with detailed descriptions of each plant given in Section 1 of the Sup
plementary Material (SM). Sludge samples (0.5–2 kg) were obtained 
directly from the sludge storage area of each plant and sealed in air-tight 
plastic bags or bottles on site. Samples were stored in air-tight containers 
at room temperature in our laboratory between collection and subse
quent processing. The sludge was also dried at room temperature, which 
reduces the likelihood for structural transformation that might occur at 
higher drying temperatures. After drying, the solids were homogenized 
with a mortar and pestle and passed through a 4 mm sieve prior to 
analysis, consistent with standard sludge characterization protocols 
(ECS, 2002). The final solids resembled dried powders. 

2.2. Sludge composition and surface area 

The mass fractions of total dissolvable major and minor elements in 
the sludge samples were determined by aqua regia digestions. The di
gestions were performed by adding dried solids to aqua regia solution (3 
parts HCl, 1 part HNO3) at a total solids concentration of 2.0 g/L. Be
tween 2–4 replicate digestions were performed for each sludge sample, 
with the replicates reflecting separate samples obtained from the same 
sludge source. We report the average and standard deviation of these 
replicate digestions in Table 2. The digestion proceeded for 24 h, which 
is sufficient to dissolve most Fe and Mn (oxyhydr)oxides and carbonates, 
but might not dissolve robust silicates, such as crystalline quartz (Chen 
and Ma, 2001). The digestion was then passed through 0.2 µm cellulose 
acetate filters to remove any recalcitrant solids and diluted 20 times in 
2% HNO3 for subsequent measurements of As, P, Fe, Ca and Mn by 
inductively-coupled plasma optical emission spectroscopy (ICP-OES). 
Additional details of the ICP-OES analyses are provided in Section 2 of 
the SM. The total dissolvable mass fraction is given in mg/kg or g/kg of 
total sludge dry weight. 

The water content and loss on ignition (LOI) were measured 
following Danish Standard protocols (DS 405.11 and DS 204), using 
temperatures of 105 and 550 ◦C for water content and LOI measure
ments, respectively. Additional details of these measurements are given 
in the SM. The specific surface area (m2/g) was measured using the 
Brunauer-Emmett-Teller (BET) method. For these measurements, 
approximately 100–200 mg of each sludge sample was degassed at 60 ◦C 
for 3.1 h. The measurements were performed with a Micromeritics 
Gemini VII instrument. 

2.3. Standard leaching tests 

Two types of leaching tests were performed. The first test was based 
on the European Union standard for leaching of granular waste materials 
and sludges (EN 12457-2), which has been adopted in Denmark (ECS, 
2002; EN 12457-2, 2002). For this batch test, 5 g of dried and crushed 
sludge samples were combined with DI water at a ratio of 10 L/kg and 
mixed with a benchtop shaker for 24 h. After the reaction, the eluate was 
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separated from the solids using 0.2 µm cellulose acetate filters and 
acidified with HNO3 for subsequent ICP-OES measurements. 

The second test was based on the standard leaching procedure 
applied in the US, the Toxicity Characteristic Leaching Procedure 
(TCLP) (USEPA, 1992). For this test, a solution of 0.1 M acetic acid and 
0.064 M NaOH (pH 4.93) was prepared and 2.5 g of each sludge sample 
was mixed at a solution-to-solid ratio of 20:1. The suspension was mixed 
with a benchtop shaker for 18 h, after which the eluate was separated 
using 0.2 µm cellulose acetate filters and acidified with HNO3 for 
ICP-OES measurements. 

2.4. X-ray diffraction 

Powder X-ray diffraction (XRD) patterns were collected on the solid 
samples using a Philips X’Pert Pro diffractometer equipped with a 
rotating sample stage and Co K-alpha radiation. Data were collected 
from 5 to 70◦ 2θ with 0.02◦ step sizes, resulting in total data collection 
time of ~4 h per sample. 

2.5. X-ray absorption spectroscopy 

Fe and As K-edge XAS data were collected at the Balder beam line of 
the MAX IV synchrotron (Lund, Sweden) and at beam line 4–1 of the 
Stanford Synchrotron Radiation Lightsource (SSRL, Menlo Park, USA). 
Fe K-edge XAS data were recorded in transmission mode out to k of 12 
Å− 1 at room temperature. As K-edge XAS data were recorded in fluo
rescence mode out to k of 12–14 Å− 1 using a liquid nitrogen or helium 
cryostat. The maximum of the first derivative of Fe(0) and Au(0) foils 
were set to 7,112 eV (Fe measurements) or 11,919 eV (As measure
ments) for calibration of the X-ray energy. Two to 10 scans were 
collected for each sample, depending on data quality. Changes in line 
shape and peak position indicative of beam damage were examined, but 
no artifacts were observed. The SixPack software (Webb, 2005) was used 
to align, average, and background-subtract experimental spectra 
following standard methods described previously (van Genuchten et al., 
2012). The EXAFS spectra were extracted using k3-weighting and were 
Fourier-transformed over the k-range 2 to 11 using a Kaiser-Bessel 
window with dk of 3 Å− 1. 

The Fe K-edge EXAFS spectra were analysed qualitatively by com
parison with the spectra of Fe-bearing reference minerals that were 

collected at the same beam lines with identical data collection proced
ures. These references included goethite, lepidocrocite and nano
crystalline 2-line ferrihydrite (Fh). Details on the synthesis of these 
solids can be found elsewhere (Cornell and Schwertmann, 1996; van 
Genuchten et al., 2014). 

The As K-edge XANES spectra were analysed by linear combination 
fits (LCFs) using the SixPack software to determine the fraction of As(III) 
and As(V) in each sample. The LCFs were performed over the range of 
11,860 to 11,880 eV without constraining the sum of the components to 
1. The reference spectra used in the XANES fits included As(III) and As 
(V) adsorbed to Fh. 

The As K-edge EXAFS spectra were analysed by shell-by-shell fits to 
determine the As coordination environment in the sludge samples. 
Theoretical curve fits were performed from 1 to 3.5 Å in R+ΔR-space, 
based on algorithms derived from IFEFFIT (Newville, 2001). The 
interatomic distance (R), coordination number (CN), mean squared 
atomic displacement parameter (σ2) and the change in threshold energy 
(ΔE0) were typically varied for each fit. Phase and amplitude functions 
for single and multiple scattering paths were calculated using FEFF6 
(Newville, 2001) and included As-O, As-O-O and As-Fe paths derived 
from the structure of scorodite (Kitahama et al., 1975). The 
goodness-of-fit was assessed based on the R-factor, which is defined as 
the mean square difference between the fit and the data on a 
point-by-point basis: R =

∑
i (datai – fiti)2 / 

∑
i (datai)2. Additional 

details of XAS data collection and the shell-by-shell fit analysis are 
presented in Section 3 of the SM. 

3. Results 

3.1. Elemental composition and surface area 

3.1.1. As mass fractions 
The As mass fractions for all samples exceeded 180 mg As/kg 

(Table 2), but some deviation among the samples was observed. The 
lowest As mass fraction of 188 mg As/kg was detected for the Lunde 
treatment plant sludge, which receives a relatively low influent As 
concentration of 1.1–3.4 µg/L. The sludge samples with the highest As 
mass fractions of ~1,200 and 940 mg As/kg were collected from the 
Kerte and Holmehave (HH) treatment plants, respectively. Although 
Kerte and HH sludge had the highest As contents, the influent As 

Table 1 
Properties of Groundwater Treatment Plants.  

Name Treatment Process Plant Capacity (m3/y) Influent As (µg/L) Effluent pH Sludge Disposal Method 

Holmehave Aeration-filtration 5,500,000 1.1–12.2 7.3–8.0 Biogas Plant 
Lunde Aeration-filtration 1,000,000 1.4–3.4 7.3–7.9 Biogas Plant 
Kerte Ferric chloride addition 80,000 12–22 7.4–7.9 Pond disposal 
Mol Biological-adsorptive Fe and As removal 3,650,000 36–50 7.9–8.3A Landfill 
Dhapdhapi Electrocoagulation 3,650 250–300 7.5–7.7 Landfill 
Allensworth Electro-Fenton 5,000 130–390 8.0–8.6 Landfill  

A This pH reflects the effluent after NaOH addition. Treatment plant properties were obtained from standard reports given by treatment plant operators. 

Table 2 
Chemical composition and surface area of sludge samples.  

Sample Name Chemical CompositionA and Surface Area 

As (mg/kg) Fe (g/kg) As/Fe (mol%) P (g/kg) Ca (g/kg) Mn (g/kg) BET (m2/g) H2OB Content (%) LOI (%) 

HH 942±29 351±29 0.20 20.0 ± 2.5 42.1 ± 3.1 11.2 ± 0.5 224 23.6 14.3 
Lunde 188±58 332±15 0.04 14.4 ± 0.6 41.0 ± 2.9 2.36±0.13 102 24.5 14.8 
Kerte 1,199±94 188±8 0.47 17.0 ± 0.5 70.0 ± 4.5 78.7 ± 5.5 134 11.3 12.4 
Mol 563±82 422±10 0.10 16.5 ± 0.9 4.93±0.13 0.31±0.01 263 40.2 14.4 
Allensworth 864±33 205±8 0.31 – 8.36±0.32 0.16±0.01 92 7.4 9.3 
Dhapdhapi 817±42 184±1 0.33 4.9 ± 0.4 94.6 ± 20.2 1.01±0.10 102 6.3 11.6  

A All element fractions are given in units of mass/total sludge mass dry weight. Aluminum, carbon and oxygen were not measured in the acid digestions, but are 
expected to be major contributions of the remaining elemental fractions. The – symbol indicates values that were not measured. 

B Ferrihydrite has a high mass fraction of structural water that can be released during heating (Hiemstra, 2013). 
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concentrations to both plants (12–22 µg As/L for Kerte, 1.1–12.2 µg As/L 
for HH) were only slightly higher than that of the Lunde plant. The 
conventional treatment plant located in Mol, BE generated sludge with 
an As mass fraction of 560 mg As/kg, which was intermediate between 
the three Danish treatment plants despite its higher influent As con
centration (36–50 µg As/L). Finally, the two electrochemical treatment 
plants in this study, Allensworth and Dhapdhapi, generated sludge with 
similar As contents of 864 and 817 mg As/kg, respectively. The influent 
As levels into these electrochemical systems were the highest of all 
investigated plants (130–390 µg As/L for Allensworth, 250–300 µg As/L 
for Dhapdhapi), but the As sludge content was still lower than solids 
from the HH and Kerte plants. 

3.1.2. Fe mass fractions 
The aqua regia digestions revealed that Fe was by far the most 

concentrated metal in the sludge of all plants, in agreement with the 
orange-to-brown color of all samples (Figure S2). The Fe content of the 
sludge varied from ~180–420 g Fe/kg (i.e., 18–42 mass%), which is 
consistent with the key role of Fe in As removal for these plants. No clear 
trends in sludge Fe content with treatment plant were apparent. In fact, 
the treatment plants that do not dose additional Fe (i.e., HH, Lunde, 
Mol) generated sludge with the highest Fe fractions (330–420 g Fe/kg 
for these three plants). Consistent with their high Fe content, the Lunde, 
Mol and HH sludges had the lowest As/Fe mol ratios of 0.04, 0.10 and 
0.20 mol%, respectively, whereas the As/Fe ratio of sludge generated 
from Allensworth, Dhapdhapi and Kerte plants ranged from 0.31 to 0.47 
mol%. Further analysis of the As/Fe ratio of raw groundwater and solid 
sludge for selected treatment plants is given in Section 4 of the SM. 

3.1.3. Mass fractions of other elements 
In addition to As and Fe, several other elements were present in 

considerable fractions in the sludge of each plant. In particular, P was 
detected in all sludge, with the HH solids containing the highest P 
fraction of 20 g P/kg (2 mass%). The P content also exceeded 14 g P/kg 
for the Lunde, Kerte and Mol sludge, which was at least 15 times higher 
than the corresponding As content, consistent with the typically higher 
concentration of P than As in natural groundwater (e.g., 1–3 mg/L P, 
100–300 µg/L As in South Asian groundwater (BGS, 2001)). Calcium 
was a major fraction of the Kerte (70 g Ca/kg) and Dhapdhapi (95 g 
Ca/kg) sludge, approximately twice as high as the Ca content of the next 
highest grouping of sludge (Lunde and HH = 41–42 g Ca/kg). The 
Dhapdhapi sludge contained roughly half as much Ca as Fe, which is 
notable due to the large Fe dosage (i.e., several hundred mg Fe/L) used 
for As removal at this plant (Bandaru et al., 2020a). Finally, Mn was also 
present in substantial fractions in the sludge generated at Kerte (78.7 g 
Mn/kg) and HH to lesser extent (11 g Mn/kg). The presence of high Mn 
could be due to the formation of Mn-bearing solids on filter grains that 
are removed during filter backwashing. 

3.1.4. BET surface area, H2O content and LOI 
The BET surface area of all sludge samples uniformly exceeded 90 

m2/g, consistent with porous and possibly nanocrystalline structures, 
but some variation among the samples was observed. In particular, the 
HH (224 m2/g) and Mol (263 m2/g) sludge samples exhibited the 
highest BET surface area, more than twice as high as the Allensworth 
sample (92 m2/g). For reference, laboratory-synthesized 2-line ferrihy
drite, which is a model nanoscale Fe(III) (oxyhydr)oxide, has a reported 
BET surface area between 150 and 350 m2/g (Das et al., 2011; Links 
et al., 2012; Schwertmann and Cornell, 1991). Consistent with the 
nanoscale structure suggested by the BET surface area measurements, 
many of the sludge samples were characterized by a high H2O content, 
which is also a common property of nanoscale precipitates. In particular, 
the Mol sample, which had the highest BET surface area, also had the 
highest H2O content of 40%. The Allensworth and Dhapdhapi samples, 
which had the lowest surface areas, also had the lowest H2O contents of 
6.3 and 7.4%, respectively. The exception to this trend was the Lunde 

sample, which had a high H2O content (24.5%) and relatively low 
specific surface area (102 m2/g). Finally, the LOI was relatively similar 
across all sludge samples, ranging from 9.3% (Allensworth) to 14.8% 
(Lunde). 

3.2. Leaching tests 

Comparing all measurements for both leaching tests (Table 3) 
revealed that every sludge sample leached As well below the threshold 
to be considered hazardous waste. For example, no sample leached more 
than 0.25 mg/L As in the EN 12457-2 test, which meets the 0.5 mg/L 
criterion to qualify as inert waste (ECS, 2002). Similarly, no sample 
leached more than 0.3 mg/L As in the TCLP test, falling far below the 
5.0 mg/L hazardous waste threshold (USEPA, 1992). Although some 
small variability in As released from different samples was observed 
(Table 3), the results of these standard tests suggest comparably low As 
leaching behavior for all samples and that all sludge solids can be 
accepted by ordinary municipal landfills. However, it is important to 
note that standard leaching tests have been widely criticized for 
underestimating the quantity of toxic species leached from sludge in real 
landfill conditions (deLemos et al., 2006; Ghosh et al., 2004), and thus 
are used here primarily to compare leaching properties between 
samples. 

Outside of As, some key ions displayed great variation in the leaching 
tests. In particular, Ca was released at tens to hundreds of mg/L, 
depending on the treatment plant and leaching test, which contrasted 
the minimal leaching of P (<0.06 mg/L for in all samples). For example, 
the waste collected from Mol waterworks released 13.8 mg/L Ca in the 
EN 12457–2 test and 138 mg/L Ca in the TCLP test. These values were 
significantly lower than the Ca leached from the Kerte (EN 12457–2 =
108 mg/L Ca; TCLP = 820 mg/L) and Dhapdhapi (EN 12457–2 = 214 
mg/L Ca; TCLP = 954 mg/L) sludges. In general, Ca released by each 
sample increased with the Ca content of the waste and is consistent with 
the dissolution of carbonate minerals during the leaching test. Finally, 
the Kerte sample also had an outlying Mn concentration in the leachate 
of the TCLP test compared to the other samples (Kerte sludge also con
tained the highest Mn content, Table 2). 

3.3. X-ray diffraction 

For most samples, including HH, Lunde and Mol, the XRD patterns 
(Fig. 1) displayed broad and diffuse scattering fingerprints characteristic 
of poorly-ordered Fe(III) (oxyhydr)oxides akin to Fh (e.g., low ampli
tude peak near 38◦ 2θ). The exceptions were the Kerte and Dhapdhapi 
samples, which both contained Bragg diffraction peaks from a variety of 
minerals. For the Kerte sample, the XRD pattern contained intense peaks 
from quartz and less intense peaks from calcite. In addition, this sample 
displayed a small, broad peak near 36◦ 2θ that matches the major peak 
from the Ca- and Mg-bearing carbonate mineral, dolomite. The quartz, 
calcite and dolomite peaks in the XRD of the Kerte sample likely reflect 
both the release of grains from the sand filter during backwashing, 
combined with the mixture of the concentrated Fe-rich backwash solids 
with natural sediment at the bottom of the sludge discharge pond where 
the samples were obtained. For the Dhapdhapi sample, which was 
generated at an Fe(0) electrocoagulation treatment plant, the XRD 
pattern also showed evidence for quartz and calcite, but calcite had the 
most intense peaks. The presence of quartz in this sample can be 
explained by sand grains originating from the sludge drying bed, but the 
large component of calcite is most likely due to electrochemical re
actions and groundwater composition unique to this treatment plant. 
Specifically, the cathodic reduction of H+ to form H2(g) during Fe(0) 
electrocoagulation treatment creates regions of high pH near the cath
ode, leading to conditions that favor CaCO3 formation (Muller et al., 
2019). While the Kerte and Dhapdhapi samples had some Bragg 
diffraction peaks of Si- and Ca-bearing minerals, it is noteworthy that 
none of the samples contained Bragg diffraction peaks for crystalline Fe 
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(oxyhydr)oxides. All sludge samples lacked XRD peaks from common Fe 
(III) minerals, such as goethite (Goe), lepidocrocite (Lp) and hematite, 
suggesting that the Fe contained in the solids exists as a 
poorly-crystalline phase. 

3.4. Fe K-edge X-ray absorption spectroscopy 

The Fe K-edge EXAFS spectra and corresponding Fourier transforms 
of the sludge samples are compared to Fe-bearing reference minerals in 
Fig. 2. Despite the variety of treatment processes used to generate the 
different sludge samples, all experimental Fe K-edge EXAFS spectra 
exhibited features consistent with Fh. In particular, the first oscillation 
of all sample spectra from 3 to 5 Å− 1 was round and symmetric, which 
matches this oscillation for Fh, but contrasts the asymmetric oscillation 
of Lp and the flattened oscillation of Goe. In addition, the sample spectra 
are all characterized by generally less intense and more broad oscilla
tions at k > 8 Å− 1, which is a better match to the Fh spectrum than Lp or 
Goe. Some small deviations in the EXAFS spectra among the samples are 
present, but these subtle differences suggest a small difference in Fe-Fe 
polymerization rather than a change in major Fe phase. 

The Fourier-transformed EXAFS spectra of the experimental samples 
further support the predominance of poorly-ordered Fe(III) precipitates. 
While the first-shell Fe-O peak of the experimental samples matches the 
position of the Fe-O peak of the three reference minerals, consistent with 

octahedral FeO6, the relative amplitude of the second-shell peak of the 
experimental samples is a better match to that of Fh. The second shell of 
each experimental sample is defined by a broad and relatively sym
metric peak with a maximum intensity at the same position as the edge- 
sharing Fe-Fe atomic pair (Fe-FeE) of Goe and Lp. In contrast to the 
second-shell peak of Goe, which has a major contribution from corner- 
sharing Fe-Fe octahedra (Fe-FeC), the Fe-FeC contribution of the exper
imental samples is highly diminished or altogether absent. Therefore, 
the major atomic pair giving rise to the second-shell peak of the sludge 
samples is Fe-FeE. However, the intensity of this Fe-FeE peak in the 
sludge samples is lower than that of Fh (Fig. 2C), which implies that the 
sludge samples have an even lower degree of crystallinity than nano
scale Fh. 

3.5. As K-edge X-ray absorption spectroscopy 

3.5.1. XANES spectra 
All samples were characterized by a XANES absorption maximum 

that matches the position of the As(V) reference spectra (Fig. 3), indi
cating the predominance of As(V). However, the Mol sludge exhibited a 
small shoulder at lower X-ray energy that overlaps with the As(III) 
reference spectrum, suggesting a minor As(III) fraction. Linear combi
nation fits (LCFs) using the references of As(III) and As(V) adsorbed to 
Fh verified that most of the sludge samples consisted of negligible 
quantities of As(III) (values given in% in Fig. 3A). While the XANES LCFs 
revealed that As(V) was the predominant oxidation state in all sludge 
samples, both the Mol (16%) and Dhapdhapi (7%) samples contained 
non-negligible As(III) fractions. 

3.5.2. EXAFS spectra 
The As K-edge EXAFS spectra and corresponding Fourier transforms 

of the sludge samples are plotted below As-bearing reference spectra in 
Fig. 3B and C. The phase and line shape of the major EXAFS oscillations 
of all sludge samples are similar and match well with those of the 
reference spectrum of As(V) adsorbed to Fh (As(V)-Ads-Fh). For 
example, the first oscillation from 3.3 to 5.8 Å− 1 for the samples is 
symmetric and broad and the second oscillation from 6.0 to 8.2 Å− 1 has 
a shoulder of lower amplitude at lower k. These features are present in 
the As(V)-Ads-Fh spectrum, but contrast the spectrum of As(V) adsorbed 
to MnO2, which is characterized by a narrow first oscillation and a 
second oscillation with a shoulder of lower amplitude at higher k. 

3.5.3. Shell-by-shell fits 
The shell-by-shell fit output is overlain on the sample and reference 

spectra in Fig. 3, with Table 4 providing a summary of the fitting results. 
Consistent with the similar line shape and phase of all experimental 
EXAFS spectra, the shell-by-shell fitting results were comparable for all 
samples and were an excellent match to the fits of As(V)-Ads-Fh. For 
example, the first-shell peak of all sludge samples was fit with an As-O 
path with interatomic distance (RAs-O) of 1.67–1.69 Å and coordina
tion number (CNAs-O) of 4.1–4.4. These values are consistent with As(V) 
in tetrahedral coordination (Waychunas et al., 1993) and are identical 

Table 3 
Summary of leaching results.  

Sample Name EN 12457-2 TCLP 

As (mg/L) Fe (mg/L) P (mg/L) Ca (mg/L) Mn (mg/L) As (mg/L) Fe (mg/L) P (mg/L) Ca (mg/L) Mn (mg/L) 

HH 0.178 DL DL 54.5 DL 0.160 DL DL 648 0.201 
Lunde 0.107 0.010 DL 57.6 DL 0.237 0.007 DL 661 0.235 
Kerte 0.112 DL 0.024 108 0.397 0.017 DL 0.052 820 15.5 
Mol DL DL 0.023 13.8 0.083 0.011 0.13 0.021 138 4.5 
Allensworth DL DL – 43.2 0.024 – – – – – 
Dhapdhapi 0.121 DL DL 214 0.014 0.134 DL DL 954 0.626 

DL represents the detection limit of the ICP-OES instrument, see SM for additional details. The – symbol indicates values that were not measured. The TCLP test for the 
Allensworth test was not performed due to insufficient sample material. 

Fig. 1. X-ray diffraction patterns of sludge samples. The peaks identified by Q, 
C and D represent quartz, calcite and dolomite, respectively. 
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within fit-derived standard errors to the RAs-O (1.67±0.01 Å) and CNAs-O 
(4.5 ± 0.7) of As(V)-Ads-Fh (Table 4). The Mol sludge had a slightly 
longer RAs-O (1.69±0.01 Å) than the other samples (1.67–1.68 Å), which 
is attributed to the minor fraction of As(III) (16% from XANES LCFs) 
present in this sample and the longer RAs-O of As(III) (~1.78 Å) than As 
(V) (van Genuchten, 2022). 

The fits of the second-shell peak of the experimental samples were all 
consistent with As(V) bound primarily in the binuclear corner-sharing 
sorption geometry to Fe(III) precipitates based on the fit-derived RAs-Fe 

and CNAs-Fe values. Previous EXAFS studies report that Fe(III) (oxyhydr) 
oxides can bind As(V) in three possible inner-sphere complexes, each 
with a unique RAs-Fe (Figure S3): 2.9–3.0 Å for the mononuclear edge- 
sharing (1E) complex; 3.2–3.3 Å for the binuclear corner-sharing (2C) 
complex; and 3.6–3.7 Å for the mononuclear corner-sharing (1C) com
plex (Fendorf et al., 1997; Mikutta et al., 2010; Sherman and Randall, 
2003; Waychunas et al., 1993). Good quality fits of the second shell for 
all sludge samples and the As(V)-Ads-Fh reference spectrum were ach
ieved using an As-Fe path with RAs-Fe of 3.24–3.32 Å, which agrees well 

Fig. 2. Fe K-edge EXAFS spectra (A) and corresponding Fourier transforms (B, C) of reference minerals and sludge samples. Panel C compares the Fourier transforms 
of the HH and Mol sludge with that of the nanocrystalline mineral, Fh. The vertical lines in panels B and C correspond to peaks due to Fe-O, edge-sharing Fe-Fe (Fe- 
FeE) and corner-sharing Fe-Fe (Fe-FeC) atomic pairs. 

Fig. 3. As K-edge XANES spectra (A), EXAFS spectra (B) and corresponding Fourier-transforms (C) of sludge samples compared to As-bearing reference spectra. The 
values given in% in panel A represent the fraction of As(III) bound to the solids derived from XANES LCFs. In panels B and C, the output of shell-by-shell EXAFS fits 
(solid blue lines) is overlain on the data (dotted black lines). 
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with the theoretical RAs-Fe of the 2C As(V) sorption geometry. The fits 
yielded an even tighter grouping of RAs-Fe values for the samples and As 
(V)-Ads-Fh reference spectrum (3.24–3.30 Å), if the Mol sample is 
excluded. The Mol sample had a slightly longer RAs-Fe (3.32±0.03 Å) 
than the other samples, which is consistent with the presence of a small 
As(III) fraction. While the fit-derived CNAs-Fe of some sludge samples 
was slightly lower than the theoretical value of 2 for the 2C geometry, 
the CNAs-Fe for all samples matched 2 when considering fit-derived un
certainty (e.g., CNAs-Fe for Kerte was 1.4 ± 0.9). 

4. Discussion 

4.1. Sludge composition: As mass fraction decoupled from influent As 
concentration 

The digestions of sludge samples indicated that all solids contained 
relatively high As mass fractions of ~200–1200 mg As/kg. One of the 
key aspects of the measured range of sludge As levels was that the 
influent As concentration was a poor predictor of the sludge As content. 
The decoupling of groundwater As concentration and sludge composi
tion is depicted graphically in Fig. 4, which shows that the highest As 
mass fractions (HH = 942±29 mg As/kg; Kerte = 1199±29 mg As/kg) 
were detected in sludge generated at plants with some of the lowest 
influent As concentrations (HH = 1.1–12.2 µg/L; Kerte = 12–22 µg/L). 
Notably, this decoupling suggests that high As sludge contents are not 
constrained to facilities treating groundwater with intense As contami
nation. Rather, high sludge As contents can occur even in cases of low 
influent As levels. While it is beyond the scope of this study to identify 
the exact parameters controlling the As content of groundwater treat
ment waste, the As mass fraction is expected to depend on a combination 
of several factors, including: 1) the concentration of solid-forming sol
utes (e.g., Fe, Mn, Ca, etc.) in raw groundwater, which is likely a key 
governing parameter, 2) the presence of competing species, such as P, 
silicate (Si) and dissolved organic carbon, 3) pH changes during treat
ment (Raven et al., 1998) and 4) treatment plant design and operational 
efficiency (i.e., optimized Fe addition avoids overdosing and leads to 
lower sludge volume with higher As content). 

Among the other components of the sludge, the presence of P is 

particularly important due partly to its high mass fraction (4.9–20 g P/ 
kg). Groundwater contaminated by As frequently contains P concen
trations that exceed As by 1–2 orders of magnitude (BGS, 2001; Smedley 
and Kinniburgh, 2002). Since PO4

3− and AsO4
3− oxyanions exhibit 

remarkably similar chemical properties, including pH-dependent charge 
and tetrahedral shape, P is well known to effectively compete with As for 
Fe(III) precipitate surfaces by binding in inner-sphere complexes to the 
same sorption sites as As (Kraal et al., 2019). Consistent with this 
competition, the P mass fraction of all sludges ranged from ~6–75 times 
higher than that of As. Therefore, groundwater treatment sludge can be 
a candidate for resource recovery due to its high P content since P is a 
CRM (similar to As) and valuable component of fertilizers needed to 
sustain global food supplies (Alewell et al., 2020). Finally, since Mn is 

Table 4 
Shell-by-shell fitting results for references and experimental samples.  

Sample Atomic Pairs CN R (Å) σ2 (Å2) ΔE0 (eV) R-Factor 

Scorodite As-O 4.2 (0.6) 1.68 (0.01) 0.002 (0.001) 2.8 (1.7) 0.029 
As-O-OA 12 1.82(RAsO) = 3.05 σ2 (AsO)   
As-Fe 3.8 (0.5) 3.35 (0.01) 0.004   

As(V) Adsorbed MnO2 As-O 4.4 (0.6) 1.68 (0.01) 0.003 (0.001) 2.1 (1.8) 0.028 
As-O-O 12 1.82(RAsO) = 3.06 σ2 (AsO)   
As-Mn 1.9 (0.4) 3.12 (0.02) 0.005   

As(V) Adsorbed Fh As-O 4.5 (0.7) 1.67 (0.01) 0.003 (0.001) 1.4 (2.2) 0.040 
As-O-O 12 1.82(RAsO) = 3.04 σ2 (AsO)   
As-Fe 1.9 (1.1) 3.27 (0.04) 0.01   

HH As-O 4.3 (0.6) 1.68 (0.01) 0.002 (0.001) 2.0 (2.0) 0.032 
As-O-O 12 1.82(RAsO) = 3.05 σ2 (AsO)   
As-Fe 1.5 (1.0) 3.27 (0.04) 0.01   

Lunde As-O 4.4 (0.6) 1.67 (0.01) 0.001 (0.001) 1.1 (2.9) 0.027 
As-O-O 12 1.82(RAsO) = 3.05 σ2 (AsO)   
As-Fe 2.6 (1.0) 3.24 (0.03) 0.01   

Kerte As-O 4.2 (0.6) 1.68 (0.01) 0.003 (0.001) 2.6 (1.8) 0.030 
As-O-O 12 1.82(RAsO) = 3.06 σ2 (AsO)   
As-Fe 1.4 (0.9) 3.30 (0.04) 0.01   

Mol As-O 4.4 (0.7) 1.69 (0.01) 0.004 (0.001) 1.9 (2.1) 0.041 
As-O-O 12 1.82(RAsO) = 3.07 σ2 (AsO)   
As-Fe 2.5 (1.0) 3.32 (0.03) 0.01   

Dhapdhapi As-O 4.3 (0.6) 1.68 (0.01) 0.003 (0.001) 1.6 (1.9) 0.032 
As-O-O 12 1.82(RAsO) = 3.05 σ2 (AsO)   
As-Fe 1.9 (0.9) 3.30 (0.04) 0.01    

A The distance of multiple scattering from As-O-O (CN = 12 for As(V)) was constrained geometrically to single scattering for As-O (RAs-O = 1.82*RAs-O). Fitting 
parameters that were allowed to float are accompanied by fit determined standard errors in parenthesis, whereas constrained parameters are written without 
parentheses. 

Fig. 4. Solid phase As concentration in mg As/kg in sludge samples plotted as a 
function of the influent As concentration entering each respective treatment 
plant. The data points represent the average groundwater As level from the 
range reported in Table 1 and the average of replicate sludge composition 
measurements (vertical error bars give the standard deviation of multiple 
sludge samples for each plant). The letters next to each data point represent 
Lunde (L), Holmehave (HH), Kerte (K), Mol (M), Allensworth (A) and Dhapd
hapi (D). 
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also classified by the European Commission as a CRM, it is worth noting 
briefly that Mn was detected in the sludge up to 7.8 mass%. This rela
tively high Mn content suggests that groundwater treatment sludge can 
also be a local source of Mn. However, before reliably assessing the 
potential for Mn recovery from groundwater treatment waste, it is 
essential to first identify the solid-phase Mn speciation because each 
potential Mn host phase can have different properties that are relevant 
for separation and valorisation (e.g., MnO2 can be reduced readily to 
form aqueous Mn(II), whereas Mn(II) can be liberated from carbonate 
minerals by acidic dissolution). Characterizing the Mn speciation in 
groundwater treatment waste was beyond the scope of the current study 
but is the subject of our ongoing work. 

4.2. Solid-phase speciation of As and Fe in the sludge 

The sludge investigated in this work was generated at treatment plants 
with widely varying As removal processes, including aeration-filtration, 
ferric chloride addition, biological-adsorptive Fe removal, Fe(0) electro
coagulation and electro-Fenton treatment. Yet, the structural character
ization data revealed that the Fe and As bonding modes in all sludges were 
similar. For Fe, the Fe K-edge EXAFS data, XRD and BET measurements 
were consistent with the predominance of nano-scale Fe(III) precipitates 
with structures akin to Fh. The absence of crystalline Fe(III) (oxyhydr) 
oxides in all sludges can be attributed partly to the composition of the 
groundwater. In all investigated treatment plants, Fe(III) precipitates are 
formed in the presence of strongly-sorbing solutes present in ground
water, such as As, P, Si and organic carbon. This formation pathway 
generates particularly disordered Fe(III) precipitates because strongly- 
sorbing solutes bind to freshly-generated Fe(III) precipitate surfaces and 
poison the mineral surface, which inhibits crystallization (Mikutta et al., 
2010; Senn et al., 2015; Voegelin et al., 2013). The overall structural 
impact is the stabilization of nanoscale Fe(III) (oxyhydr)oxides with large 
reactive surface areas, consistent with the high P and As mass fractions 
and large BET surface area of the sludge samples. A secondary explana
tion for the predominance of nanoscale Fe(III) precipitates is most rele
vant to electro-Fenton treatment and relates to the kinetics of Fe(II) 
oxidation. The formation of moderately-crystalline Lp from Fe(II) oxida
tion has been shown to occur via Fe(II)-mediated crystallization of 
freshly-generated Fe(III) precursors (Sheng et al., 2020). However, 
electro-Fenton treatment is based on electrochemical formation of Fe(II) 
and H2O2 (Bandaru et al., 2020b), which react orders of magnitude faster 
than Fe(II) and O2, preventing the accumulation of aqueous Fe(II) and 
thus minimizing Fe(II)-mediated crystallization of Fe(III) (oxyhydr)oxides 
(Roy et al., 2022). While precipitate formation conditions in the investi
gated plants favor nanoscale solids, the absence of crystalline Fe phases in 
the sludge is still somewhat surprising considering the sludge handling 
procedures. In all cases, the solid samples were collected from sludge 
storage or dewatering areas that often consisted of open-air sand basins 
exposed to the environment. The aging and drying of nanoscale Fe(III) 
precipitates is well known to promote Fe phase crystallization and 
concomitant loss of reactive surface area (Senn et al., 2017). However, we 
found no evidence for significant crystallization in sludge collected from 
these storage areas, which points to the strong impact of 
surface-poisoning solutes on the rates of Fe phase crystallization during 
aging. 

With respect to solid-phase As speciation, the As K-edge XANES LCFs 
indicated As(V) was the major As oxidation state in all samples, 
consistent with effective oxidation of As(III), the dominant As form in 
reduced groundwater aquifers. The oxidation of As(III) in the investi
gated plants can occur via several mechanisms, including 1) co- 
oxidation with Fe(II) via powerful Fenton-type oxidants generated by 
Fe(II) reactions with O2 or H2O2, 2) biologically-catalysed oxidation (e. 
g., in sand filters), 3) reactions with solid-phase MnO2, if present and 4) 
potentially during open-air storage of the sludge (Gude et al., 2018; Hug 
and Leupin, 2003; Villalobos et al., 2014). However, the presence of As 
(III) detected in the Mol sludge sample suggests that exposure to the 

atmosphere during sludge storage might not lead to complete As(III) 
oxidation. Another similarity among all samples was that As(V) was 
found by EXAFS spectroscopy to be bound primarily in the same 2C 
complex to Fe(III) precipitates. Although some samples, especially 
Kerte, contained high Mn content (7.8 mass% Mn), the shell-by-shell fits 
were inconsistent with As(V) bound to MnO2, which would have a 
significantly shorter second-shell As-metal interatomic distance (3.12 Å) 
than what was detected in this sample (3.30 Å, Table 2). The similar As 
(V) sorption mode among all samples is consistent with the comparable 
As leaching results (Table 3), with all samples defined as inert by stan
dard leaching tests (despite the detection of some leached As). Overall, 
the identification of similar As and Fe solid-phase speciation in all 
sludges, regardless of treatment mechanism, influent groundwater 
composition and plant capacity, suggests that research to optimize waste 
management procedures for one type of As-rich sludge can be applied 
widely to sludge from various Fe-based As treatment methods. 

4.3. Benefits of replacing groundwater sludge disposal with advanced As 
recovery 

In this work, we found that As treatment sludge generated from a 
variety of Fe-based treatment plants in different regions contained As 
mass fractions of several hundred to over 1000 mg As/kg, even in cases 
with low groundwater As levels. For comparison, these As mass fractions 
are only ~10–50 times lower than some raw As mineral ores (Ozer, 
2022; Wu et al., 2016) and match or exceed the soil As content of 
notoriously contaminated Superfund sites (e.g., 100–500 mg As/kg at 
the Vineland Chemical Company Superfund site, New Jersey, USA; 
100–2000 mg As/kg at the Collstrop wood preservation site, Hillerød, 
DK) (Nielsen et al., 2010; Wovkulich et al., 2010). The disposal of this 
sludge is an ongoing challenge for treatment operators due partly to its 
high As content, which makes reuse (e.g., in agricultural applications) 
impossible. For example, several of the investigated plants landfill the 
treatment sludge, which is by the far the most common As-rich waste 
disposal practice in high-income regions (Clancy et al., 2013; Sullivan 
et al., 2010), despite the inherent drawbacks of this approach (van 
Genuchten et al., 2022). While As-rich sludge is currently viewed as a 
disposal challenge in much of the water treatment sector, As is also 
classified as a Critical Raw Material (CRM) by the European Commis
sion. Along with this classification, the European Commission’s 2023 
Critical Raw Materials Act specifies benchmarks for domestic As supplies 
that must be met by 2030 (i.e., ≥10% from extraction, ≥40% from 
processing, ≥15% from recycling). 

Our results suggest that sludge generated from Fe-based As treatment 
can be a candidate for As recovery, which will help create local sources 
of CRMs, in agreement with the Critical Raw Materials Act. While not 
currently practiced, advanced As recovery from As treatment sludge can 
provide several key benefits. First, As-rich waste disposal via landfilling 
(high-income areas), sewer discharge, or open disposal to soils and 
surface water (low-income areas) has been reported to lead to unac
ceptable toxicity impacts from As emissions to the environment (Le 
et al., 2022; van Genuchten et al., 2022). Second, the disposal of this 
waste leads to the loss of As and other CRMs, especially the 
eutrophying-nutrient P, which was present in the sludge at levels up to 2 
mass%. This P mass% is important because it matches the P content 
reported for dried sewage sludge, which has been the subject of intense 
resource recovery research in the last decade (Mayer et al., 2016), and 2 
mass% is the threshold used by some regulatory agencies to mandate P 
recovery (Sichler et al., 2022). Third, current methods to produce As 
compounds, which are based on mining and concentrate processing of 
As mineral ore, are notoriously damaging to the environment, with large 
fractions of excavated As emitted to soils nearby mining processing fa
cilities (Shi et al., 2017). Therefore, new (electro)chemical or biological 
methods able to convert As-rich treatment sludge into valuable As 
compounds would simultaneously decrease the environmental impacts 
of current sludge disposal methods, while creating local sources of 
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CRMs, which would also lessen the reliance on environmentally 
degrading mining practices. 

The observation that sludge generated from several different As 
treatment methods all contained similar As and Fe solid-phase specia
tion (i.e., As(V) bound in the 2C geometry to poorly-ordered Fe(III) 
precipitates) can be useful for the design of subsequent recovery 
methods. For example, the extraction of As from the sludge, which is 
likely required before subsequent processing to generate As compounds, 
is expected to be effective using a reductant to solubilize Fe or by 
increasing pH to separate As(V) from the negatively-charged Fe(III) 
precipitate surface. If As(V) were found to bind to a Ca-bearing solid in 
the sludge, such as CaCO3, a different set of extraction procedures would 
be effective. For example, mildly acidic conditions can dissolve CaCO3, 
thus leading to As(V) mobilization. However, mildly acidic conditions 
can improve As(V) uptake to Fe(III) precipitates compared to circum
neutral or alkaline solutions, which demonstrates the strong dependence 
of As recovery on the As host phase. The development of such methods 
to recover As and create a circular economy for As-rich sludge can be a 
breakthrough in closing the loop for groundwater treatment, which will 
likely be of growing importance given the expected reliance on 
groundwater treatment to meet increasingly stringent As drinking water 
targets in the future (e.g., 1 µg/L in The Netherlands) (Ahmad et al., 
2020). 

5. Conclusions 

This work systematically studied the basic properties of six As- 
bearing sludge samples collected from Fe-based groundwater treat
ment plants with different As removal processes located in Europe, Asia 
and North America. The As and P mass fractions reached above 1000 mg 
As/kg and 20 g P/kg, respectively. The highest As contents of 940–1200 
mg As/kg were collected from plants with low influent As concentra
tions (1.1–22 µg/L), indicating that the groundwater As concentration 
was a poor predictor of the sludge As mass fraction. XRD and Fe K-edge 
XAS data revealed that all sludge samples consisted of highly-disordered 
Fe(III) (oxyhydr)oxides, which is attributed to strongly-sorbing 
groundwater solutes inhibiting Fe(III) precipitate crystal growth. In all 
samples, As was present predominantly as As(V) bound in the binuclear 
corner-sharing (2C) geometry to poorly-ordered Fe(III) (oxyhydr)oxides. 
Despite differences in treatment mechanism, influent groundwater 
composition and plant capacity, the structural consistency of Fe and As 
in the sludge suggests that research to optimize resource recovery from 
one type of sludge can be extended to various Fe-based As treatment 
methods. 
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